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Abstract: Polycyclic aromatic hydrocarbons (PAHs) form a convenient structural series of molecules 

with which to examine the selectivity exerted on their removal by soil microbiota. It is known that 

there is an inverse relationship between PAH molecular size and degradation rates in soil. In this 

paper, we look at how the magnitude of the slope for this relationship, m, can be used as an indicator 

of the effect of metal co-contaminants on degradation rates across a range of PAH molecular 

weights. The analysis utilises data collected from our previous microcosm study (Deary, M.E.; Eku-

mankama, C.C.; Cummings, S.P. Development of a novel kinetic model for the analysis of PAH 

biodegradation in the presence of lead and cadmium co-contaminants. Journal of Hazard Materials 

2016, 307, 240–252) in which we followed the degradation of the 16 US EPA PAHs over 40 weeks in 

soil microcosms taken from a high organic matter content woodland soil. The soil was amended 

with a PAH mixture (total concentration of 2166 mg kg−1) and with a range of metal co-contaminant 

concentrations (lead, up to 782 mg kg−1; cadmium up to 620 mg kg−1; and mercury up to 1150 mg 

kg−1). It was found that the magnitude of m increases in relation to the applied concentration of 

metal co-contaminant, indicating a more adverse effect on microbial communities that participate 

in the removal of higher molecular weight PAHs. We conclude that m is a useful parameter by 

which we might measure the differential effects of environmental contaminants on the PAH re-

moval. Such information will be useful in planning and implementing remediation strategies. 

Keywords: PAHs; metal co-contamination; cadmium; lead; mercury; microcosm;  
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1. Introduction 

Polycyclic aromatic hydrocarbons (PAHs) are hydrophobic, microbially recalcitrant, 

organic pollutants that are commonly found in areas of previous and current industriali-

sation [1–3]. They comprise two or more fused benzene rings and may contain alkyl sub-

stituents and five-membered rings. In this paper, we examine how the size and structure 

of the PAHs affects their removal from soil, and the influence of metal co-contaminants 

on this process. Table 1 shows the structures of the sixteen US EPA priority EPAs that are 

the subject of this study. 

PAHs are a significant environmental problem because of their toxic effects, which 

can include mutagenicity, carcinogenicity, and teratogenicity [1–6]. They are also persis-

tent in the environment and have a high potential for biomagnification [5]. PAHs bound 

to fine soil particles, colloids and organic matter can be transported to other parts of the 

environment, for example, to groundwater, river systems and aquatic sediments, where 

they can accumulate to high concentrations [5,7,8]. Historical PAH contamination is asso-

ciated with heat-related processing of hydrocarbons, such as in the petroleum industry, 

coal tar manufacture, creosote production, coal gasification and coke production [1,2,8–

11], but also with fuel combustion and waste incineration [8]. Whilst spillages and 
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disposal of high PAH-content products and wastes at industrial sites accounts for many 

of the highest soil-PAH concentrations [2], atmospheric deposition from combustion pro-

cesses has also contributed a significant proportion of the accumulated PAHs in soil found 

in industrial areas [2]. Natural combustion processes, such as bush and forest fires, also 

contribute PAHs to the environment, as have natural thermal geologic reactions [12]. 

Table 1. Structure, relative molar mass (RMM) and initial concentrations of the 16 US EPA PAHs 

reported on in this study. 

Name, RMM and Initial 

Concentration (mg kg−1) in 

Microcosms 

Structure 

Name, RMM and Initial 

Concentration (mg kg−1) in 

Microcosms 

Structure 

Naphthalene 

128.17 

3.28 ± 0.63  

Benzo[a]anthracene 

228.29 

167.9 ± 25.9 

 

Acenaphthylene 

152.19 

1.44 ± 0.23 
 

Chrysene 

228.29 

196.1 ± 33.3 
 

Acenaphthene 

154.21 

7.75 ± 1.92 
 

Benzo[b]fluoranthene 

252.31 

324.7 ± 55.5 

 

Fluorene 

166.22 

9.53 ± 1.63 
 

Benzo[k]fluoranthene 

252.31 

138.1 ± 20.1 

 

Phenanthrene 

178.23 

93.43 ± 15.08 
 

Benzo[a]pyrene 

252.31 

254.9 ± 40.12 

 

Anthracene 

178.23 

27.56 ± 4.12 
 

Indeno[1 23-cd]pyrene 

276.33 

246.31 ± 43.1 

 

Fluoranthene 

202.25 

217.6 ± 35.6 
 

Dibenzo[a,h]anthracene 

278.34 

105.4 ± 17.9 
 

Pyrene 

202.25 

187.8 ± 31.5 

 

Benzo[g,h,i]perylene 

276.33 

184.5 ± 31.8 
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PAH concentrations in the environment will depend on the nature of past and cur-

rent industrial activity within the local area, with typical total PAH concentrations in con-

taminated sites ranging from hundreds to several thousand mg kg−1 [2,5,9]. Of particular 

concern are the concentrations of the most harmful PAH components, such as the carcin-

ogen benzo-a-pyrene (BaP), which may represent 10% or more of the total PAH concen-

tration in some contaminated sites [13]. Other high molecular weight (HMW) PAHs are 

also of concern due to their recalcitrance in the environment and the observation that toxic 

effects tend to increase as a function of the number of fused rings [5]. 

In the soil environment, PAHs will partition between multiple soil phases, including 

organic, mineral and pore water, though due to their hydrophobicity, which increases 

with molecular mass, the amount of PAH in the solution phase will be limited. A complex 

community of soil bacteria and fungi are involved in the biodegradation process, aided 

by the production of bacterial biosurfactants and extracellular polymeric substances [14–

16] that increase the bioavailability of hydrocarbon contaminants and provide protection 

to the bacterial species. The soil rhizosphere is also thought to play an important role, with 

PAHs exerting a selective effect on the rhizosphere microbiota of certain plants, facilitat-

ing detoxification of the soil and therefore better plant growth [17–19]. 

Biodegradation is a commonly used remediation strategy for PAHs [20], but this can 

be negatively affected by the presence of co-contaminants, particularly metals [1,9,21]. 

Large numbers of sites that are contaminated with PAHs are also contaminated with met-

als [22,23] and so it is important that we understand the nature and extent of the effect. In 

the present study, we examine whether the well-documented structural selectivity of PAH 

removal by soil microbial communities [8,11] is affected by the presence of cadmium (Cd), 

lead (Pb) and mercury (Hg) co-contaminants at different concentrations. We hypothesise 

that, because of the restricted microbiota that can metabolise HMW PAHs [24], the re-

moval of this class of PAHs will be most affected by the presence of co-contaminants. 

Furthermore, because there is an inverse linear relationship between PAH removal and 

PAH molecular weight [8,11], we would expect the presence of co-contaminant metals to 

affect the magnitude of the slope, m, for this relationship. 

2. Materials and Methods 

The data used in this paper was obtained as part of a previously detailed 40-week 

soil microcosm PAH degradation study [1,9], from which the full experimental details can 

be obtained. However, in summary, soil used in the microcosms was obtained from an 

urban woodland in Newcastle upon Tyne, UK (11.4% organic carbon and 0.37% nitrogen) 

[1]. The soil was spiked with a total concentration of 2166 mg kg−1 PAH (dry wt) and in-

dividual soil microcosms were prepared in 30 cm long, 3.3 cm diameter PVC piping. Each 

microcosm contained approximately 250 g wet weight of soil and was maintained at 75% 

of the maximum determined water holding capacity. Initial concentrations for the 16 US 

EPA PAHs, determined using Gas Chromatography with Mass Spectrometry after extrac-

tion using Accelerated Solvent Extraction [1], are shown in Table 1. The effect of metal co-

contaminants on PAH degradation was determined by spiking the PAH-amended soils 

with an appropriate amount of metal salt solution. For Pb, the following dry weight 

amendment concentrations were obtained: control (210 mg kg−1), 339 mg kg−1, 523 mg kg−1 

and 782 mg kg−1. Similar Pb concentrations have been used in literature co-contamination 

PAH degradation studies as ‘worst case’ scenarios [25]. The high background Pb concen-

tration in the control was due to historical atmospheric emissions from smelters and paint 

works that operated at nearby locations [26]. For cadmium, the spiked concentrations 

were: control (<1 mg kg−1), 134 mg kg−1, 302 mg kg−1 and 620 mg kg−1. Atagana [21] used 

similar concentrations of Cd in a PAH degradation study. In addition, microcosms were 

spiked with a single concentration of mercury, giving a control of (<1 mg kg−1), and a (fi-

nal) spiked Hg concentration of 1115 mg kg−1. The Hg-spiked microcosms were intended 

to be abiotic controls for the biodegradation study [1,9]; however, some microbial activity 

was observed after the initial applied concentration of 627 mg kg−1 and so the Hg 
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concentration was increased to 1115 mg kg−1 at 5 weeks [9]. The microcosms were stored 

in a plant growth room at 20˚C and subjected to a diurnal light cycle. 

In this paper, we are interested in the relationship between PAH molecular weight 

and extent of PAH removal from the microcosms. Percentage PAH removal was calcu-

lated for each individual PAH at 1, 2, 3, 5, 7, 9, 12, 15, 20, 25, 30, 35 and 40 weeks. The 

percentage removal of each PAH is analysed as a function of (a) PAH relative molar mass 

(RMM), (b) the amended metal concentration and (c) the total incubation time after PAH 

amendment. 

3. Results and Discussion 

3.1. Relationship between PAH Relative Molar Mass and % Removal 

We will first discuss the trends in structural selectivity of PAH removal for the con-

trol study that contained no metal amendments. The results of this experiment reflect the 

physico-chemical and biological removal processes that are occurring in the soil at back-

ground metal concentrations ([Pb] = 210 mg kg−1; Cd < 1 mg kg−1; Hg < 1 mg kg−1). Figure 

1 shows the relationship between PAH RMM and the percentage removal of the initially 

applied PAH concentration, for each of the 16 US EPA priority PAHs at three weeks. This 

time point was chosen because the microcosm will have acclimatised after the initial PAH 

amendment. In Figure 1, the PAHs are identified as either alternant or non-alternant, 

though there is no obvious difference between the relationships of these two sub-groups. 

Literature studies have suggested that having a 5-member ring in the PAH structure (non-

alternant) can result in lower degradation rates, though this information largely comes 

from experiments carried out in solution [11,27]. The clear trend in Figure 1 is that of de-

creasing percentage removal with increasing RMM, which is a relationship that has been 

reported in the literature [1,3–5,7,8,11,24]. Bacteria can utilize LMW PAHs as sole carbon 

sources [4], with degradation initiated by intracellular dioxygenase enzymes; however, 

there are a limited number of bacterial species that can metabolise HMW PAHs. It is 

thought that the predominant partitioning of HMW PAHs into the soil phase, particularly 

into bio-inaccessible organic phases, may have hindered the evolution of HMW PAH de-

grading bacterial enzymes [24]. Fungi can also degrade PAHs, for example ligninolytic 

soil fungi where lignin peroxidases participate in the non-specific extra-cellular degrada-

tion of PAHs. The non-specificity of fungal enzymatic processes means that they can ini-

tiate degradation of a wide range of PAHs, including HMW PAHs [4], achieving detoxi-

fication of the chemical environment. There are also physical removal processes such as 

volatilization, and the migration of PAHs to biologically inaccessible soil phases [1,9,28] 

that are particularly associated with organic matter and are likely to be significant for the 

high organic matter woodland soil used in this study. 

The slope, m, associated with the line of best fit in Figure 1 can be thought of as a 

parameter that quantifies the degree of structural selectivity of the physico-chemical and 

biological PAH removal processes. A steeper slope indicates a greater disparity in the 

overall removal of HMW PAHs compared to LMW PAHs. Moreover, if conditions in the 

microcosm are changed, for example the addition of metal-contaminants, then the result-

ant effects on the physico-chemical and biological processes are likely to be reflected by a 

change in the structural selectivity, and therefore an increase or decrease in the magnitude 

of m. Thus, we might predict that because the diversity of HMW degrading microorgan-

isms is relatively low [2,7,24], any additional stress on this sub-population might have a 

greater effect on removal of HMW PAHs compared to LMW PAHs, with a consequential 

increase in magnitude of m, i.e., the percentage removal of HMW PAHs would decrease 

relative to LMW PAHs. 
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Figure 1. Relationship between PAH Relative Molar Mass (RMM) and % removal of initial PAH 

concentration at three weeks after application of PAH mixture to soil microcosms. The symbols rep-

resent 16 individual PAHs: the filled circles and filled squares show alternant and non-alternant 

PAHs, respectively. The dashed line is the line of best fit through the points. Error bars are ± 1 

standard deviation. No metal additions were made to this microcosm. PAH abbreviations are as 

follows: NAP (Naphthalene); ACY (Acenaphthylene); ACE (Acenaphthene); FLU (Fluorene); PHE 

(Phenanthrene); ANT (Anthracene); FLA (Fluoranthene); PYR (Pyrene); BaA (Benzo[a]anthracene); 

CHR (Chrysene); BbF (Benzo[b]fluoranthene); BkF (Benzo[k]fluoranthene); BaP (Benzo[a]pyrene); 

IcdP (Indeno[cd-123]pyrene); DahA (Dibenzo[ah]anthracene); BghiP (Benzo[ghi]perylene). 

3.2. Effect of Microcosm Incubation Time on ‘m’ 

In the following sections, we examine whether changes in the value of m, due to the 

presence of metal co-contaminants, or as a function of incubation time, can yield useful 

information about PAH degradation processes. Figure 2 shows that the magnitude of m 

reduces over the 40-week study period, indicating that for these microcosms, which have 

not been amended with metal co-contaminants, structural selectivity decreases over time. 

It can be seen from the relative position of the points on the plots that the observed de-

crease in the value of m is due to the % removal of the HMW PAHs ‘catching up’ with that 

of the LMW PAHs at later stages of the study. Rate constants for the biological removal of 

PAHs are faster for the LMW compounds, but with sufficient time the overall percentage 

removal will become similar [1]. 

Another way of visualizing these changes is to plot the variation of m with incubation 

time, as shown in Figure 3, where, after a small increase in slope over the first three weeks, 

there is a reduction in the magnitude of m over the subsequent weeks. 
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Figure 2. Change in slope, m, with time. The panels show the relationship between PAH Relative 

Molar Mass (RMM) and % removal of initial concentration at 3, 9, 20 and 40 weeks after application 

of the PAH mixture to soil microcosms. The symbols represent 16 individual PAHs: the filled circles 

and filled squares show alternant and non-alternant PAHs, respectively. The dashed line is the line 

of best fit through the points. Error bars are ± 1 standard deviation. No metal amendments were 

made to these microcosms. 
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Figure 3. Plot of the absolute value of m with time. The dashed line is a guide for the eye. The raw data 

for this plot, including standard errors of the slopes is given in Table S1 in the Supplementary Material. 

3.3. Effect of Metal Co-Contaminant Concentration on ‘m’ 

To discern the effects of Cd, Pb and Hg co-contaminants on the structural selectivity 

of PAH removal processes, we carried out a similar analysis to that described in Section 

3.2. The individual plots for the four metal concentrations at 3, 9, 20 and 40 weeks are 

shown in the Supplementary Figures S1–S3. These week numbers were chosen as being 

indicative of the overall trends over the 40-week period. The values for m at all weeks are 

shown in Supplementary Table S1. 

The trends in the magnitude of the m are best visualized by plotting against week 

number at each of the metal co-contaminant concentrations, as shown in Figure 4 for all 

weeks. For the lowest concentration of Cd, the value of m approximately follows the con-

trol, i.e., there is a steady reduction in the value of m with incubation time, indicating that 

the removal of HMW PAHs is catching up with the LMW PAHs over the 40-week study 

period. However, at the two highest Cd concentrations, the value of m remains much 

higher, and in fact increases between weeks 1 and 7, before decreasing again. The value 

for m at 40 weeks is greater at the two highest Cd concentrations compared to the lowest 

Cd concentration and the control. This indicates that there is an impact of the highest Cd 

concentrations on the physico-chemical and/or biological processes associated with re-

moval of HMW PAHs. A similar trend to Cd is shown for Pb in Figure 3, except that the 

lowest Pb concentration does not follow the control, as was the case for Cd, i.e., all Pb 

concentrations have a negative impact on the removal of HMW PAHs. Finally, for Hg, 

with only one metal concentration applied, we see an initial increase in the value of m, 

followed by a levelling off at a much steeper slope than for the control at 40 weeks. 

For these microcosms, we have previously reported that the microbial diversity, soil 

respiration rate and soil microbial biomass all decreased as the metal concentrations in-

creased [1,9]. Lead seemed to have a marginally greater effect. The negative effect of met-

als on biodegradation of PAHs is well known [1,18,29,30]. It is thought that co-contami-

nation exacerbates the overall toxic effect on microbial cells. PAHs are known to disrupt 

the bacterial cell membranes, allowing easier transport of the metals into the cell [22]. It is 

also thought that the formation of non-covalent metal cation-π complexes with PAHs 

[10,31–33] may facilitate this process [22]. Such complexes might also affect physico-chem-

ical processes such as volatilisation and migration of PAHs to bio-inaccessible soil phases. 

With particular reference to the effect of metals on m, it has been shown in the literature 

that the degradation of HMW PAHs are most affected by metal co-contaminants, possibly 

as a result of the reliance of HMW PAH biodegradation on co-metabolic enzymic path-

ways by the soil microbiota [24,34] and the potential sensitivity of such microbial commu-

nities to metal toxicity. The increase, then decrease in m shown in Figure 4 for the two 
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highest applied Cd and Pb concentrations, may be indicative of a build-up of metal com-

munity tolerance in the soil microbiota [35–37].   

 

Figure 4. Plot of the absolute value of m as a function of time for different concentrations of Cd, Pb, 

and Hg. The raw data for this plot, including standard errors is given in Table S1 in the Supplemen-

tary Material. The lines are guides for the eye. 

It is also intuitive to plot the data for m as a function of soil metal concentration, as 

shown in Figure 5, for weeks 3, 9, 20 and 40, both for mass (column A) and molar concen-

trations (column B). For the relationships shown in Figure 5A, at week 3 there is very little 

variation in the magnitude of m with increasing concentration, except for Hg where m 

decreases at the higher concentration. The relative invariance of m with concentration for 

Cd and Pb implies that the structural selectivity of the PAH removal processes is unaf-

fected by increasing metal concentrations at 3 weeks. Our previous studies have shown 

that microbial degradation will be the most significant removal process in the early weeks 

of the study [1], and therefore we can conclude that these remain relatively unaffected at 

increasing metal concentrations. This may be due to the build-up, of short term tolerance, 

which in the case of Cd has been shown to be exhibited in periods as short as a few days 

[36]. Similar short-term development of metal tolerance has also been reported for other 

metals such as zinc [38]. 

The profile for Hg at week 3, albeit based on only one applied concentration (627 mg 

kg−1), may be indicative of the build-up of community tolerance to Hg in the early weeks 

of the study. Hg tolerance has been shown to emerge after relatively short periods of metal 

exposure [39], and in our previous studies, we have reported significant microbial activity 

in the Hg-sterilised microcosms after only one or two weeks, necessitating a reapplication 

of Hg (to 1115 mg kg−1) at 5 weeks in order to re-establish an abiotic control [1,9]. 

Notwithstanding the possible development of microbial community tolerance to 

metal co-contaminants at the early stages of the study, Figure 5 shows that the long-term 

stress of exposure to high metal concentration results in an increase in structural selectiv-

ity (the magnitude of m) with metal concentration in later weeks. 

Figure 5A indicates that Cd has the greatest effect on structural selectivity when 

based on a mass concentration. However, when the metal concentrations are expressed as 

molar concentrations (Figure 5B) the curves at weeks 20 and 40, overlap to a significant 

extent, including for Hg. Whilst this is notable, perhaps implying a common mechanism 

of action, it should be remembered that there was a high background concentration of 210 

mg kg−1 for Pb in the urban woodland soil that we used in this study and so ‘ageing’ will 

have occurred, with partitioning of Pb into various mineral and organic phases of the soil. 

Therefore, the total Pb, Cd and Hg concentrations might not be a like for like comparison. 

In literature comparisons of the toxicity of metals to soil microbiota, Cd is often reported 

as being more toxic than Pb [40,41]. Nevertheless, the effect of metals on soil microbiota is 

complex and is likely to depend on several factors such as bioavailability, soil organic 
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matter concentration, duration of exposure and metal tolerance of microbiota species [41–

43]. 

 

Figure 5. Plot of the absolute value of m, against metal concentration at weeks 3, 9, 20 and 40. Panel 

sets (A,B) represent metal concentrations expressed as mass and molar concentrations, respectively. 

Values for m were obtained from Figures S1–S3 for Cd, Pb and Hg, respectively. The lines are guides 

for the eye. The raw data for this plot, including standard errors, is given in Table S1 in the Supple-

mentary Material. 

3.4. Significance and Application of ‘m’ 

The observation that m can be used as a sensitive measure of the impact of co-con-

taminants on biodegradation across a range of PAH molecular weights over time gives us 

an additional tool to aid the understanding of the microbial processes involved. The use-

fulness of m lies in the ability to quantify, within a single parameter, the effect of co-con-

taminants on PAH degradation across the range of molecular weights. Other methods of 

quantifying the effect of co-contaminants on biodegradation, such as soil respiration, soil 

biomass carbon concentration and soil metabolic quotient [9], yield parameters that show 

a dependence on co-contaminant concentration, but they do not convey the same level of 

information on the complexity of effect, as m does. There are other approaches that will 

yield more complex information about microbial diversity and the propensity to metabo-

lise a wide range of PAHs, such as community level physiological profiling (CLPP) [44], 

and 16S DNA analysis of community DNA extracted from soil [45]. Nevertheless, for both 

these approaches, the implications for PAH biodegradation need to be inferred. 
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The most significant downside to the use of m is that it requires a long incubation 

period (40 weeks in our case) so that the time dimension can be adequately studied, as 

well as a laboratory equipped for the determination of environmental organic contami-

nants at low levels. The other methods that we have discussed can yield results over a 

period of only a couple of days or less. Nevertheless, the measurement of m could be sim-

plified, for example by using a representative set of four or five PAHs across the molecular 

weight range, together with a more restricted set of incubation times. Such an assay, using 

a standardized soil, has the potential to be used as an ecotoxicological soil parameter, al-

lowing a relative comparison of the effect of a wide range of organic and inorganic con-

taminants. In addition, the same methodology of determining m for PAHs can be applied 

to other structural series, for example to aliphatic compounds or other series of aromatic 

compounds. 

4. Conclusions 

In this paper, we have shown that the percentage PAH removal in a high organic 

matter-content urban woodland soil shows an inverse linear relationship with the RMM 

of the PAH, based on an analysis of the 16 US EPA priority PAHs. Furthermore, we have 

shown that the slope obtained from this linear relationship, m, is a useful and sensitive 

measure of structural selectivity of PAH removal processes. The change in the extent of 

structural selectivity as a function of incubation time and/or the presence of different con-

centrations of metal co-contaminants allows some insight into the effects on the soil mi-

crobiota and its ability to metabolise PAHs across a range of molecular weights. The in-

crease in structural selectivity at higher concentrations of Cd and Pb and also in the pres-

ence of Hg suggests that the microbial community involved in removing HMW PAHs is 

more sensitive to environmental stresses compared to microbes responsible for LMW 

PAH removal. In terms of wider application, our study has shown that PAHs form a con-

venient structural series of organic molecules upon which the effect of a range of inorganic 

and organic environmental stressors can be tested. The relative effects of such stressors in 

different soil types might provide information that will be of use to the planning and im-

plementation of remediation strategies in co-contaminated sites. 

Supplementary Materials: The following are available online at www.mdpi.com/xxx/s1, Table S1: 

Slope, m, (± Standard error) for the relationship between PAH Relative Molar Mass (RMM) and % 

removal of initial PAH concentration over a 40-week period at different metal concentrations; Figure 

S1: Change in slope, m, with time at different applied cadmium concentrations. The panels show the 

relationship between PAH Relative Molar Mass (RMM) and % removal of initial concentration at 3, 

9, 20 and 40 weeks after application of the PAH mixture to soil microcosms in the presence of four 

different cadmium concentrations. The symbols represent 16 individual PAHs: the filled circles and 

filled square show alternant and non-alternant PAHs respectively. The dashed line is the line of best 

fit through the points. Error bars are ± 1 standard deviation; Figure S2: Change in slope, m, with 

time at different applied lead concentrations. The panels show the relationship between PAH Rela-

tive Molar Mass (RMM) and % removal of initial concentration at 3, 9, 20 and 40 weeks after appli-

cation of the PAH mixture to soil microcosms in the presence of four different lead concentrations. 

The symbols represent 16 individual PAHs: the filled circles and filled square show alternant and 

non-alternant PAHs respectively. The dashed line is the line of best fit through the points. Error bars 

are ± 1 standard deviation.; Figure S3: Change in slope, m, with time at different applied mercury 

concentrations. The panels show the relationship between PAH Relative Molar Mass (RMM) and % 

removal of initial concentration at 3, 9, 20 and 40 weeks after application of the PAH mixture to soil 

microcosms in the presence mercury. The symbols represent 16 individual PAHs: the filled circles 

and filled square show alternant and non-alternant PAHs respectively. The dashed line is the line 

of best fit through the points. Error bars are ± 1 standard deviation. 
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